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Heavy metals mobility in full-scale bioreactor landfill: Initial stage
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Abstract

Selected heavy metals (HMs) including Cd, Cr, Cu, Ni, Pb and Zn initially released from a full-scale bioreactor landfill were moni-
tored over the first 20 months of operation. At the initial landfill stage, the leachate exhibited high HMs release, high organic matter
content (27000–43000 g l�1 of TOC) and low pH (5–6). By the fifth month of landfilling, the methanogenic stage had been established,
and HMs release was reduced below the Chinese National Standards. Total released HMs accounted for less than 1% of landfill depos-
ited during the investigated period. Most landfill HMs were inorganic. Fourier-transform infrared (FT-IR) spectra data and model cal-
culations using Visual MINTEQ indicated that humic substances strongly affected the mobility of organic fractions of HMs in the
methanogenic landfill. The initial rates of HMs release could be enhanced by recycling the leachate back to bioreactor landfill, but
the total quantity released may be reduced by early establishment of methanogenic stage in bioreactor landfill.
� 2007 Elsevier Ltd. All rights reserved.
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1. Introduction

At increased concentrations, heavy metals (HMs) in
municipal solid waste landfill leachate can adversely affect
human health (Bozkurt et al., 1999; Kjeldsen et al., 2002;
Baun and Christensen, 2004; Li et al., 2006; Feng et al.,
2007). The HMs in landfill leachate or in polluted ground-
water have been speciated to those associated with colloi-
dal particles or those in a dissolved form (Gounaris and
Anderson, 1993; Baun and Christensen, 2004; Ward
et al., 2005; Baumann et al., 2006). The affinity of HMs
to humic substances depends on the intrinsic dissociation
constants of the associated carboxylic acid groups and phe-
nolic acid groups (Gustafsson and Berggren, 2005). The
specific forms and the reactivity of the HMs in solid phase
determine their leachability (Flyhammar, 1997; Krishnam-
urti and Naidu, 2002). Flyhammar (1997) and He et al.
(2006a) fractionated particulate-bound HMs in landfill
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waste but could not determine the role of humic substances
on the mobility of HMs (Filip et al., 1985). Krishnamurti
and Naidu (2002) proposed a modified sequential extrac-
tion fractionation scheme for Cd, Cu and Zn in soils which
examined fractions with metal–organic complex binding
sites.

Recent studies have revealed that less than 0.02% of
HMs in landfills is leached out over 30 years of landfilling
(Kjeldsen et al., 2002; Øygard et al., 2004). However, Lu
et al. (1985) showed that although HMs tended to be
leached out of fresh landfill, they later became largely
immobilized. Flyhammar and Håkansson (1999) and Mår-
tensson et al. (1999) demonstrated that reduced pH of local
suspension with oxygen intrusion in landfill enhances HMs
mobilization. The large quantity of fatty acids produced at
the initial phase of solid waste degradation, especially in
landfill containing a high fraction of putrescible waste,
can reduce leachate pH to <6 (He et al., 2006a) thus affect-
ing HM mobility in landfills.

Bioreactor landfill technology has advanced rapidly
in recent years. Landfill gas generation, pollutants in land-
fill leachate (such as chemical oxygen demand (COD),
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biological oxygen demand (BOD5) and ammonia nitrogen
ðNHþ4 ANÞ and indices of waste degradation (such as cellu-
lose to lignin ratio) have been monitored and compared
with traditional sanitary landfill in both lab-scale and
full-scale studies (Reinhart and Al-Yousfi, 1996; Caine
et al., 1999; Reinhart et al., 2002; Agdag and Sponza,
2005; He et al., 2005; Huang et al., 2005; Benson et al.,
2007). Erses and Onay (2003) found that more than 90%
of HMs were immobilized after injecting artificial leachate
with high HMs content into lab-scale methanogenic landfill
layer. Hater et al. (2003) reported HMs concentrations of
less than 1 mg l�1 in more than 90% of leachate samples
collected in the first two years of landfill. However, the evo-
lution of HMs in leachate over time, especially in large
landfills, has not been addressed.

The presence of organic substances, particularly humic
substances, affects the mobility of HMs in soils, peat bog,
river sediment and aquifers (Wu et al., 2002; Schwab
et al., 2005; Clemente and Bernal, 2006; Gondar et al.,
2006; Kyziol et al., 2006; Doig and Liber, 2007; Evangelou
et al., 2007). Humic substances exhibit strong affinity to
heavy metal ions. Most research has focused on the effect
of humic substances in leachate on HMs mobility (Baun
and Christensen, 2004). Aulin and Neretnicks (1997) and
Bozkurt et al. (2000) demonstrated the strong binding
capacity of humic substances in solid waste on HMs; how-
ever, little experimental data, especially in field scale, has
confirmed their hypothesis.

The theoretical long-term migration potential of landfill
HMs has also been discussed. Bozkurt et al. (1999, 2000)
considered the effects of binding capacity in sulfides and
humic substances, sorption capacity in hydrous ferric oxi-
des and pH-buffering reactions on the leaching properties
of landfill HMs, especially in the case of oxygen intrusion
into the landfill after methane production has ceased. Mul-
tisurface mechanistic geochemical models, e.g., ORCHES-
TRA, have also been applied to elucidate chemical
processes predictive of long-term release of HMs from land-
fill (Dijkstra et al., 2004; Dijkstra et al., 2006; van der Sloot
et al. 2007). However, few studies have examined the initial
stage of bioreactor landfill, which may involve large quan-
tities of easily degradable waste, such as in MSW in China.

This study investigated the mobility of HMs in a fresh,
full-scale bioreactor landfill by monitoring HMs levels in
leachate, simulating HMs speciation in leachate using
Visual MINTEQ, fractionating HMs and characterizing
humic acids (HA) and fulvic acids (FA) in landfill waste.

2. Materials and methods

2.1. Landfill site

The tested bioreactor landfill (TBL) was in the Tianzil-
ing MSW Landfill in Hangzhou City, Zhejiang Province,
China. The TBL is approximately 16000 m2 with a com-
bined GCL-HDPE bottom liner, and has four layers of
filled MSW. Each layer is 6–8 m thick, and 121000 tons
of waste has been filled (49000 tons in the first layer filled
August–November, 2004; 34000 tons in the 2nd layer filled
June–August, 2005; 38000 tons in the 3rd and the 4th lay-
ers filled November–December, 2005). The leachate was
withdrawn from the landfill via a layer of granular material
and a series of leachate collection pipes under the landfill
waste. Liquid flow meters were installed at the ends of
the collection pipes to measure acumulated volume of dis-
charged leachate. Horizontal leachate recirculation pipes
were installed 1–4 m below the top surfaces of the 1st
and the 4th layers. The final cover was a layer of geo-net,
a 0.3 m compacted soil barrier layer and a 0.3 m topsoil
layer. Fig. 1 displays the TBL profile.

Leachate recirculation was started shortly after the land-
filling for each layer was completed. Before recirculation,
the collected leachate was aerobically pre-treated in two
sequential batch reactors, each 80 m3 in volume, and reten-
tion time varied between 4 and 20 d according to the
organic loading of the influent leachate. Leachate from
the landfill (4–20 m3) was introduced into each tank daily.
Initial organic loading rate was 2–3 kg COD m�3 d�1 for
each tank, and aeration was applied continuously for
20 h to maintain dissolved oxygen above 2.0 mg l�1. Aera-
tion was then shut down (3 h) until the sludge fully settled.
The supernatant was pumped out and collected in the sub-
sequent tank. The supernatant was then recycled back to
the landfill layers.

2.2. Sampling and tests

2.2.1. Leachate
Leachate samples were collected and stored in darkness

at 4 oC with minimum exposure to surrounding air. The
sampled leachates were filtered and monitored for COD,
BOD5, NHþ4 AN , sulfate ðSO2�

4 Þ, chlorine ion (Cl�) and
phosphate ðPO3�

4 Þ according to standard methods (Fran-
son, 1998). The pH and redox potential (Eh) of the unfil-
tered leachate samples were analyzed with a portable
meter (Acorn� pH 6 Meter, OAKTON Instrument,
USA). The total organic carbon (TOC) of leachate samples
was measured by a TOC/TN analyzer (multi N/C 3000,
Analytik Jena AG, Germany). The dissolved organic car-
bon (DOC) in the leachate samples were categorized as
humic acid (HA) or fulvic acid (FA) using the methods
described by He et al. (2006b), Christensen et al. (1998)
and Thurman and Malcolm (1981). Portions of leachate
samples were digested, in triplicate, with nitric acid and
analyzed for metals content (K, Ca, Na, Mg, Cd, Cr, Cu,
Ni, Zn, Fe, Mn and Al) by an inductively coupled
plasma-atomic emission spectrometer (ICP-AES, Optima
2100 DV, Perkin Elmer, USA). The ionic strength of the
leachate was calculated by Visual MINTEQ.

2.2.2. Solid waste

The solid samples were collected from the 1st (W2) and
the 4th layers (W1) of landfill, aged 1.5 and 0.5 years,
respectively. To ensure the collected solid waste samples
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Fig. 1. Profile of the bioreactor landfill. Landfill operation in 1st Layer was carried out during Aug 2004–Nov 2004 (Phase I); landfill operation in 2nd
Layer was carried out during Jun 2005 to Aug 2005 (Phase II); landfill operation in 3rd and 4th Layers was carried out during Nov 2005 to Dec 2006
(Phase III).
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were representative of the TBL, each sample was taken
from more than 100 kg of waste extracted from several sites
at 1.5–2.5 m below the monitored landfill layer. The col-
lected samples were stored in dark plastic bags at 4 oC
immediately after sampling. Before analysis, the waste
samples were air-dried, crushed and passed through a 2-
mm sieve. Large metal items as well as plastics, gravel
and stones were removed from the sample.

Total heavy metals content was determined by digestion
with HCl–HNO3–HF–HClO4 mixture followed by ICP-
AES (Optima 2100 DV, Perkin Elmer, USA) measurement.

The heavy-metal-binding forms in the solid phase were
categorized into the following eight fractions by the
sequential extraction method developed by Krishnamurti
and Naidu (2002): exchangeable fraction, fraction bound
to carbonates, metal–humic and fulvic complex-bound, eas-
ily reducible metal oxide-bound, organic-bound (defined as
metals associated with organics other than humic and ful-
vic acids), amorphous mineral colloid-bound, crystalline
Fe oxide-bound and fraction bound to Al–Si minerals.
Sequential extraction was performed in triplicate on 1 g
of waste sample (<2 mm) in 50 ml polypropylene centrifuge
tubes to facilitate centrifuge washing of the soil after each
extraction and to minimize any loss of solids. After each
successive extraction, the supernatant was removed by cen-
trifugation for 10 min at 12 000g. The residue was washed
twice with 10 ml of deionized distilled water followed by
centrifugation at 12000g for 10 min. The concentration
of heavy metals in the separated extraction solutions were
also measured by ICP-AES.

The fractions of HAs and FAs in solid phase were
extracted from the waste samples in triplicate. For each
waste sample (W1 and W2), 20 g waste samples and
200 ml alkaline mixture of 0.1 M Na4P2O7 and 0.1 M
NaOH (1:1 v:v) were put in a plastic bottle. Before extrac-
tion, O2 was purged from the bottle by nitrogen gas injec-
tion for 10 min. The bottle was then sealed and agitated at
25 �C for 3 h. The mixtures were then centrifuged for
15 min, and the supernatant was filtered through a
0.45 lm filtration membrane. The extraction procedure
was repeated at least six times until the color of the super-
natant lightened. All the supernatant were combined and
acidified by HCl to pH 1.0, left standing for 24 h in a refrig-
erator to precipitate HAs then centrifuged to collect precip-
itates (HAs). The HAs were then dissolved in 0.1 M NaOH
and adjusted to pH 7.0 using 1 M HCl. After removing
HAs, the acidic filtrate containing the dissolved FA frac-
tion was passed through a column of XAD-8 resin. The
adsorbed FA was then recovered by elution with 0.1 M
NaOH and distilled water. The TOC of the HA and FA
solutions was also tested.

The humic substances extracted from leachate were also
characterized by Fourier-transform Infrared (FT-IR) spec-
tra. Metals in this HA sample were removed by treatment
with HF (0.3 M)/HCl (0.1 M) solution. The FA solutions
were purified with 732 cation exchange resin (Shanghai
Huizhi Co., Shanghai, China). After purification, the HA
and FA solutions were individually freeze-dried and mixed
into IR grade KBr powders at a mass ratio of 1:100 pallet-
ized under pressure. The FT-IR spectrometer (EQUINOX
55 spectrometer, Bruker, Germany) was used to acquire the
FT-IR transmission spectra at a 64 scans with 4 cm�1

resolution and corrected for a KBr background.

2.2.3. Landfill gas

Landfill gas was pumped from the vertical perfo-
rated pipe system in the landfill by a slight vacuum
(<0.001 atm). The volume of the produced landfill gas
was also measured by a gas meter (2X-8A vane-type vac-
uum pump, Shanghai Boyi Pump Manufacturer, Co.
Ltd., Shanghai, China) connected to the gas pump outlet.
Landfill gas was also sampled weekly in triplicate with
10 ml syringes. The methane and carbon dioxide concen-
trations in biogas were analyzed using a gas chromato-
graph (GC-14B, Shimadzu Corporation, Kyoto, Japan)
equipped with a thermal conductivity detector. The opera-
tional temperatures of the injection port, the oven and the
thermal conductivity detector were 110, 100 and 230 �C,
respectively. Nitrogen gas was used as the carrier gas at a
flow rate of 60 ml min�1.

2.3. Statistical analysis

The SPSS v.13.0 (SPSS Inc., USA) software package
was used for bivariate analysis of the following parameters:
HMs concentration, pH, COD and NHþ4 AN of leachate.
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2.4. Modeling of HMs speciation in leachate

The chemical equilibrium model Visual MINTEQ (ver-
sion 2.40) was used to model the chemical speciation of
Cd, Cr, Cu, Ni, Pb and Zn in the TBL leachate. Visual
MINTEQ (version 2.40) is a Windows version of MINT-
EQA2 (version 4.0) released by the US EPA in 1999 which
employs a chemical equilibrium model to calculate metal
speciation and solubility equilibria in natural aqueous sys-
tems. Considering the difference in affinity of HA and FA
to HMs, the Stockholm humic model (SHM) (Gustafsson
and Berggren, 2005) was used to estimate the speciation
of HMs bound to the humic substances in leachate. The
default values of the metal-binding parameters in Visual
MINTEQ were applied in this study. One hundred percent
of dissolved organic matter (DOM) was assumed active to
metal binding, and the active ratio of DOM to DOC was
set as 2. The HA and FA concentrations and HA to FA
ratios based on fractionation tests were the model input.
Fig. 2. Time evolution of Cd, Cr, Cu, Ni, Pb, and Zn concentrations, COD, B/
3rd phase (III). The permitted concentration in the Chinese National Standa
signed as ‘‘——’’ in the figure.
The fixed-ratio redox couples of (CrðOHÞþ2 )/(CrO2�
4 ) and

Cu+/Cu2+ were examined. Table S3 in Supplementary
material presents other input data for modeling the specia-
tion scenarios for the leachate, including measured concen-
tration of Cd, Cr, Cu, Ni, Pb, Zn and other inorganic
cations, anions and pH and Eh of the leachate.

3. Results

3.1. Leachate characteristics

The concentrations of HMs in leachate were high in
the initial stage of landfilling (Fig. 2), particularly those
of Cd, Cu, Ni, Pb and Zn, whose concentrations exceeded
the Chinese National Standards (State Environmental
Protection Administration of China, 1997). Following this
stage, the concentrations of all heavy metals in leach-
ate were reduced to low levels after 3–4 months of
landfilling.
C, and pH in the leachate. Landfill operation: 1st phase (I); 2nd phase (II);
rds (State Environmental Protection Administration of China, 1997) was



Table 1
DOC and humic substance in the leachate

DOC HA FA

(mg l�1) (mg C l�1) (%) (mg C l�1) (%)

Leachate
from
TBLa

675 ± 60 35 ± 20 5.2 ± 3.0 260 ± 30 38.4 ± 4.4

Fresh
leachateb

15200 87 0.6 3390 22.3

Leachatec 481 101 21.0 123 25.6
Leachated 94 100 28.0 336 29.8

a Sampled in May, 2006, landfill age 1.5 years.
b He et al. (2006b), landfill age less than 1 year.
c Fan et al. (2006), from a landfill with age of 12 years.
d Fan et al. (2006), from a landfill with age of 11–17 years.
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Table 2 lists the estimated leach-out quantities of HMs.
According to the database for local fresh MSW (He et al.,
2006a), less than 1% of the landfilled HMs were leached out
over the initial 20 months of landfilling.

The HA and FA content of each leachate component
decreased with increasing landfill age (Table 1). Table 1
summarizes data collected from different landfills in China
that receive MSW of similar composition. More than 20%
of the DOC in leachate was FA in the fresh leachate, and
the ratios of HA to DOC in the leachate increased with
landfill age.
3.2. Solid waste characteristics

The solid-phase fractionation of HMs in the solid phase
was performed according to the sequential extraction pro-
cedures developed by Krishnamurti and Naidu (2002)
(Fig. 3). The total HMs content estimated by summing
the fractions from the sequential extraction procedures
agreed with estimated total HMs directly digested (stan-
dard deviation <5%). Approximately 12% of Cu in
exchangeable form in the solid waste at landfill age of 0.5
year (W1) was released in one year (W2). High K, Na,
Ca and Mg concentrations in leachate (Table 1) may be
favorable for converting this fraction of Cu (and those of
Cd, Ni, and Zn) into leachate. A large fraction of Cr and
Zn in solids was in carbonate form. The high CO2 content
(exceeding 40%) in landfill gas could favorably carbonate
Table 2
Mass balance of heavy metals in the landfill

Cd Cr

Concentration in leachate (mg l�1) 0.0005–0.258 0.048
Total leachate volume (m3) 59100
Total mass of metals in leachate (kg) 3.23 14.3
Estimated heavy metal contents in fresh

waste (mg kg�1 waste, dry base)a
5.5 100.4

Total waste dumped in the landfill (t, dry base)b 59300
Estimated heavy metal mass deposited (t) 0.33 5.94
Total discharge of heavy metals (%) 0.99% 0.24%

a Calculated based on the measured waste composition during the period of
et al., 2006a).

b Calculated based on the weight and the moisture content of the dumped w
the HMs (except Cr). About 28% of Cu in the landfill waste
aged 0.5 year was bound to organics, and the percent of
metal–organic complexes was increased to 45% in landfill
aged 1.5 years. Less than 7% of Cr, Ni, Pb and Zn were
bound in metal–organic complex. Accordingly, these met-
als in leachate were slightly decreased over one year of
landfilling. At a landfill age of 0.5 years, 15% of Cr, 25%
of Cu, 14% of Ni, 30% of Pb and 36.6% of Zn in solids were
associated with amorphous metal oxides and crystalline Fe
oxides. At 1.5 years of filling age, these HMs were largely
transformed into mineral forms or released with the landfill
leachate. After the initial 1.5 years, most HMs were bound
with alumino silicates (W2), which would increase their
retention in the landfill.

The amounts of humic substances in solid phase were
decreased, and the HA to FA ratio was increased signifi-
cantly from 0.5 to 1.5 years of landfill age (Table 1). Fig. 4
shows the FT-IR spectra of HA and FA extracted from
solid waste. Compared with the FA fraction, the HA frac-
tion had stronger aliphatic bands (2922–2850 and 1464–
1375 cm�1), more carboxylic groups (1710–1725 cm�1)
(Mecozzi and Pietrantonio, 2006) and more bands of aro-
matic C@C and/or secondary amides (1514 cm�1). Mean-
while, the HA in leachate was enriched with phenolic
groups (1388–1414 cm�1 and 1259–1230 cm�1) (Shirshova
et al., 2006). The HA contained aromatics or amides (1646
and 1546 cm�1), but the FA had none. The main HMs bind-
ing sites of humic substances include carboxylic acid sites
and phenolic acid sites (Gustafsson and Berggren, 2005;
Sawalha et al., 2007). Because the acidity of carboxylic acid
was stronger than that of phenolic acid, the FA from the
leachate and HA from the waste may have HMs with stron-
ger binding capacity than that in FA from the landfill waste
and HA from the leachate.
4. Discussion

4.1. HMs leaching out in initial acidification stage and

subsequent methanogenic stage

The examined sample contained more than 60% of
putrescible waste with moisture content exceeding 60%.
Hence, highly contaminated leachate was generated shortly
Cu Ni Pb Zn

–0.427 0.0075–0.95 0.12–0.584 0.011–1.87 0.063–10.3

8.84 19.9 21.1 55.9
46.4 43.3 222.9 342.3

2.75 2.56 13.19 20.24
0.32% 0.78% 0.16% 0.28%

landfill operation and the metals content in every waste composition (He

aste (measured in wet base).



Fig. 3. Sequential extraction of landfill wastes (W1 as 0.5 year and W2 as 1.5 years). The results are based on triplicate analysis, and the standard deviation
is less than 5%.
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after landfilling, and COD concentration of leachate
increased from 27000 to 40000 mg l�1, and BOD5 to
COD ratio (B/C) increased 0.6–0.8 (Fig. 2). Low leachate
pH (5.0–6.0) and highly volatile fatty acid (VFA) levels
(acetate 4500–7000 mg l�1, propionate 1450–2950 mg l�1

and butyrate 4500–7200 mg l�1) indicated that the landfill
layer was in the acidification stage. The HMs concentra-
tions were also high at this stage (Fig. 2). The HMs concen-
trations were significantly related to COD (Table S4 in
Supplementary material). Earlier works revealed that vari-
ous organic substances have high affinity for HMs (Chris-
tensen et al., 1999; Christensen and Christensen, 2000;
Guibaud et al., 2003), which probably explains the noted
correlation between the HMs release trend (Fig. 2) and
levels of organic substances in the leachate.

When the first layer of landfilled MSW reached metha-
nogenic stage (more than 500 m3 landfill gas per day with
50–60% CH4 content, the corresponding COD in leachate
declined to approximately 6500 mg l�1 while HMs concen-
trations also declined (Fig. 2). When the 2nd layer of MSW
was filled above the 1st layer and the acidification stage,
strong leachate with high content of biodegradable organ-
ics (B/C > 0.5) and HMs intruded downward. However,
the HMs in the leachate collected at the bottom of the
1st layer remained low. Hence, the methanogenic 1st layer
retained HMs intruding from the top, 2nd layer. Erses and
Onay (2003) noted a similar result in their study using lab-
scale reactors. Restated, the neutral to weakly alkaline con-
dition in methanogenic stage probably corresponded to the
low HMs in leachate since most HMs were in amphoteric
forms with pH-dependent solubility.

4.2. Role of humic substances on HM mobility

Thermodynamic models, particularly MINTEQA2,
have been adopted to describe metals speciation in leachate
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Fig. 4. Fourier-transform infrared (FT-IR) spectra in the range 4000–
400 cm�1 for the freeze-dried HA and FA fractions from leachate (L1,
sampled in May, 2006) and waste (W1 and W2).
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(Christensen et al., 1999; Jensen et al., 1999; Christensen
and Christensen, 2000; Guibaud et al., 2003). These works
demonstrated that a large portion of HMs in leachate or in
groundwater is bound to organic substances, assuming that
the FA is the sole organic substance present in the system.
The current study employed the Visual MINTEQ (version
2.40) program in conjunction with the Stockholm humic
Table 3
The calculated result of species distribution of Cd, Cr, Cu, Pb and Zn in the

Cd Cr Cu N

Speciation Content
(%)

Speciation Content
(%)

Speciation Content
(%)

S

Cd2+ 0.9–1.1 – – – – N
– – – – – – N
CdCl+ 3.1–3.9 – – – – N
CdCl2(aq)a

CdHCOþ3 0.3–0.5 – – – – N

CdCO3(aq) N
CdðCO3Þ2�2
CdHPO4(aq) 0.02–0.03 – – – – N
CdðNH3Þ2þ3 0.5–0.6 – – – – N

CdðNH3Þ2þ2 N
N

CdNH3Þ2þ3
FA-Cd2+ 75.3–78.4 FA2Cr+ 78.8–80.1 FA2Cu 79.3–81.6 F

FACd+ FA2CrOH FACu+ F
FA2Cd FA2CuOH�

HACd+ 16.7–18.5 HA2CrOH 18.9–21.1 HA2Cu 18.4–20.7 H
HA2Cd HA2CuOH-

a (aq): saturated in liquid phase.
model (SHM) considering different affinity of HA and
FA to HMs (Gustafsson and Berggren, 2005) to estimate
HM speciation in leachate.

Computer modeling revealed that the HA and FA could
strongly bind HMs (Table 3): Cd–FA and Cd–HA, 93.8–
95.1%; Cr–FA and Cr–HA, 100.0%; Cu–FA and Cu–HA,
100.0%; Ni–FA and Ni–HA, 77.5–77.9%; Pb–FA and
Pb–HA, 99.6–99.7%; Zn–FA and Zn–HA, 96.3–96.9%, at
a higher rate than calculated by Baun and Christensen
(2004). This finding may be attributable to the higher pH
and higher concentration of organic materials in the inves-
tigated leachate in comparison with other reports (Chris-
tensen and Christensen, 2000). Since the FA dominated
each of the DOC fractions in leachate (Table 1), the leach-
ing potentials for FA-HMs complexes leaching out were
thereby high, particularly in the initial stage of landfill.
This result may explain the high HM levels noted in initial
landfill stages (Fig. 2). Meanwhile, FA solubility
was higher than that of HA, which caused much higher
HA/FA ratios in the waste than in the leachate. The
HMs binding capacities of HA and FA in the leachate
and the solid waste (discussed in 3.2) may indicate that
the solubility of humic substances strongly influence HMs
mobility.
4.3. HMs bound to inorganic matter

Sequential extraction of Cu and Zn speciation in soil by
Krishnamurti and Naidu (2002) showed that more than
20% of Cu and Zn was associated with HA and FA.
leachate sample L1 by Visual MINTEQ

i Pb Zn

peciation Content
(%)

Speciation Content
(%)

Speciation Content
(%)

i2+ 6.6–7.3 – – Zn2+ 1.5–1.6
iOH+ 0.01 – – – –
iCl+ 0.08 – – – –

iCO3 (aq) 8.5–9.0 PbðCO3Þ2�2 0.27–0.34 ZnCO3(aq) 1.0–1.3
PbCO3(aq) ZnHCOþ3
PbHCOþ3 ZnðCO3Þ2�2

iHCOþ3

iHPO4(aq) 1.0–1.08 – – ZnHPO4(aq) 0.01–0.02
iðNH3Þ2þ3 6.3–6.5 – – ZnðNH3Þ2þ4 0.45–0.54

ZnðNH3Þ2þ3
ZnðNH3Þ2þ
ZnðNH3Þ2þ

iNH2þ
3

iðNH3Þ2þ2

ANi2+ 65.1–66.0 FAPb+ 80.1–82.2 FAZn+ 77.5–80.0
FA2Pb FA2Zn

ANi+

ANi+ 11.5–12.9 HAPb+ 17.5–19.6 HAZn+ 16.9–18.8
HA2Pb HA2Zn
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Dijkstra et al. (2004) also demonstrated the significance of
humic substances on the complexation reaction of soil
HMs. However, in this study, solid-phase HMs in the land-
fill waste were largely in metal–inorganic complexes except
for Cu. However, the humic content in the present TBL
was quite high, 1.6–375 times that in landfills investigated
in Germany and Spain (Filip et al., 1985; González-Vila
et al., 1995), a consequence of the relatively high food
waste fraction in the investigated TBL. Further study is
required to clarify the inconsistencies between the present
study and earlier findings. Nevertheless, the Cd, Cr, Ni,
Pb and Zn content associated with inorganic matter
accounted for more than 80% of total HMs, indicating that
the characteristics of HMs bound to inorganic matter and
the associated pH-buffering reactivity should predomi-
nantly control the long-term leaching potential of HMs
(Bozkurt et al., 1999).

4.4. Bioreactor landfill and HMs mobility

Leachate recirculation in bioreactor landfill could
accelerate degradation of organic waste. The enhanced
rate of hydrolysis in bioreactor landfill waste could reduce
the leachate pH to 6.5 (Benson et al., 2007) or even lower
by directly recycling leachate without pretreatment, such
as in the case of landfills examined in China (He et al.,
2007). The reduced leachate pH could increase HM
mobility in initial landfill stages. However, with pretreated
leachate recirculating in landfill, the methanogenic stage
could be achieved much earlier (He et al., 2007), hence
reducing total HM release from landfill. Leachate recircu-
lation could also reduce HM release by returning the
HMs to landfill, although the amount of recirculated
leachate would be low. Meanwhile, the HMs could be
immobilized by high acid neutralization potential with
high CO2 partial pressure and high content of humic sub-
stances in rapidly established methanogenic stage in biore-
actor landfill. Whether the application of bioreactor
landfill affects HMs release in initial stage compared to
the traditional sanitary landfill depends on how low the
pH drops and on how fast the methanogenic stage is
established.
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Appendix A. Appendix

• L1: leachate sampled in May, 2006, landfill age 1.5
years.
• W1: solid samples collected from the 4th layer of landfill
with the landfill age of 0.5 year.

• W2: solid samples were collected from the 1st layer of
landfill with the landfill age of 1.5 years.

Appendix B. Supplementary data

Supplementary data associated with this article can be
found, in the online version, at doi:10.1016/
j.chemosphere.2007.07.013.
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